We repeatedly sampled the surface mineral soil (0-20 cm depth) in three northern temperate forest communities over an 11-year experimental fumigation to understand the effects of elevated carbon dioxide (CO 2 ) and ⁄ or elevated phyto-toxic ozone (O 3 ) on soil carbon (C). After 11 years, there was no significant main effect of CO 2 or O 3 on soil C. However, within the community containing only aspen (Populus tremuloides Michx.), elevated CO 2 caused a significant decrease in soil C content. Together with the observations of increased litter inputs, this result strongly suggests accelerated decomposition under elevated CO 2. In addition, an initial reduction in the formation of new (fumigation-derived) soil C by O 3 under elevated CO 2 proved to be only a temporary effect, mirroring trends in fine root biomass. Our results contradict predictions of increased soil C under elevated CO 2 and decreased soil C under elevated O 3 and should be considered in models simulating the effects of EarthÕs altered atmosphere. One of the uncertainties in modelling the EarthÕs future climate is predicting the rate at which terrestrial ecosystems will sequester carbon (C) as the composition of the atmosphere changes (IPCC 2007) . It is expected that higher concentrations of atmospheric carbon dioxide (CO 2 ) will lead to an increase in C sequestration by stimulating plant growth and net primary productivity (NPP; Ainsworth & Long 2005). This stimulation of C sequestration includes enhanced belowground growth and an expected enhancement of C storage in the soil. These predictions have largely held in the forest free-air elevated CO 2 experiments (e.g. Jastrow et al. 2005; Lichter et al. 2005; Hoosbeek et al. 2006 ) and a meta-analysis suggests that the increase in soil C outweighs the CO 2 stimulation of plant productivity (Luo et al. 2006) . However, in many regions, the future atmosphere is also expected to contain increased concentrations of phyto-toxic ozone (O 3 ; Dentener et al. 2006) , which could reduce soil C storage via reductions in plant growth and belowground C allocation (Grantz et al. 2006) . There are few multi-year studies of O 3 effects on soil C. Some recent models suggest that the largest changes in terrestrial C storage from O 3 exposure occur through reductions in soil C (Ren et al. 2007; Sitch et al. 2007) .
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I N T R O D U C T I O N
One of the uncertainties in modelling the EarthÕs future climate is predicting the rate at which terrestrial ecosystems will sequester carbon (C) as the composition of the atmosphere changes (IPCC 2007) . It is expected that higher concentrations of atmospheric carbon dioxide (CO 2 ) will lead to an increase in C sequestration by stimulating plant growth and net primary productivity (NPP; Ainsworth & Long 2005) . This stimulation of C sequestration includes enhanced belowground growth and an expected enhancement of C storage in the soil. These predictions have largely held in the forest free-air elevated CO 2 experiments (e.g. Jastrow et al. 2005; Lichter et al. 2005; Hoosbeek et al. 2006 ) and a meta-analysis suggests that the increase in soil C outweighs the CO 2 stimulation of plant productivity (Luo et al. 2006) . However, in many regions, the future atmosphere is also expected to contain increased concentrations of phyto-toxic ozone (O 3 ; Dentener et al. 2006) , which could reduce soil C storage via reductions in plant growth and belowground C allocation (Grantz et al. 2006) . There are few multi-year studies of O 3 effects on soil C. Some recent models suggest that the largest changes in terrestrial C storage from O 3 exposure occur through reductions in soil C (Ren et al. 2007; Sitch et al. 2007) .
In addition to the direct physiological effects, exposure to increased levels of CO 2 or O 3 can alter competitive interactions and change dominance hierarchies (Poorter & Navas 2003; Kubiske et al. 2007; Zak et al. 2007 ). Physiological differences among the genotypes or species within a community mean that these modified communities can exhibit productivity responses to altered atmospheric composition that are either stronger or weaker than those found in the original community (Bradley & Pregitzer 2007) .
Very few studies have examined long-term belowground responses of forest ecosystems to CO 2 and O 3 (Kasurinen et al. 2004) . The Rhinelander FACE (free-air CO 2 enrichment) experiment is currently the only FACE experiment that examines the responses of forest communities exposed to elevated CO 2 (+CO 2 ), elevated O 3 (+O 3 ) and both elevated CO 2 and elevated O 3 (+CO 2 +O 3 ). One early finding of the Rhinelander FACE experiment was that the pool of new soil C in the +CO 2 +O 3 treatment was significantly lower than that under +CO 2 alone (Loya et al. 2003) . A significant CO 2 · O 3 · time interaction affecting belowground processes (e.g. soil respiration, fine root production) has occurred at both Rhinelander FACE (Pregitzer et al. 2008) and in a multi-year chamber experiment (Kasurinen et al. 2004) . However, there is no research to date on whether such a CO 2 · O 3 · time interaction also affects soil C dynamics. Consequently, it was unknown whether the initial reduction in new soil C content by O 3 under elevated CO 2 at Rhinelander FACE would persist in the long-term. Effects of the treatments on other factors that can influence soil C cycling such as NPP , community composition (Kubiske et al. 2007 ) and decomposition (Chapman et al. 2005; Parsons et al. 2008) also suggested a need to reexamine soil C pools.
Our predictions for surface mineral soil C were that (1) soil C pools would be greater under elevated CO 2 than under ambient CO 2 and that (2) elevated O 3 would decrease soil C pools relative to ambient O 3, regardless of the fumigation level of CO 2 . In addition, we expected that (3) elevated CO 2 (+CO 2 ) would create a larger pool of new soil C than a combination of elevated CO 2 and elevated O 3 (+CO 2 +O 3 ). At Rhinelander FACE, the treatment gases have largely had the predicted effects on leaf litter production. However, the shifts in species composition (Kubiske et al. 2007 ) and the transient response of fine roots and soil respiration (Pregitzer et al. 2008) in the two elevated O 3 treatments (+O 3 , +CO 2 +O 3 ) may have influenced mineral soil C through time. The first objective of this report was to determine if changes in surface mineral soil C were consistent with the initially predicted treatment effects. The second objective was to understand how these dynamics have influenced the proportion of new soil C, i.e. C fixed during the 11 years of fumigation.
M A T E R I A L S A N D M E T H O D S
The FACE experiment in Rhinelander, Wisconsin, USA (45°40.5¢ N, 89°37.5¢ W, 490 m.a.s.l.) consists of twelve 30-m diameter rings, arranged in three randomized complete blocks (Karnosky et al. 2005) . Treatments consisted of factorial CO 2 and O 3 fumigation, composed of ambient and elevated levels of each trace gas; these treatments were randomly assigned within each block. Fumigation began in 1998 and occurred during the daylight hours of the growing season. Annual concentrations during fumigation are c. 50-55 nL L )1 for elevated O 3 and 520-525 lL L )1 for elevated CO 2 (Kubiske et al. 2007 ). The source CO 2 used to create the elevated CO 2 treatment was fossil-fuel-derived and highly depleted in 13 C ()43.7& ± 0.2; Pregitzer et al. 2006 ). Soils at the site are Alfic Haplorthods (Pandus series) with a sandy loam Ap horizon overlaying a sandy clay loam Bt horizon. Historical use of the site was predominantly agricultural, but the site was planted with trees in 1972. These trees were cut prior to establishment of the experiment; stumps were removed and the soils were disked. More detailed description of the soils, experimental design, fumigation technique and fumigation performance can be found in Karnosky et al. (2005) . Small trees (< 25 cm tall) initiated from potted stock were planted in the rings during July 1997. Half of each ring was planted at 1-m · 1-m intervals with five different aspen (Populus tremuloides Michx.) genotypes (Karnosky et al. 2005) . The remaining two quarters of each FACE ring were mixed communities planted with either paper birch (Betula papyrifera Marsh) or sugar maple (Acer saccharum Marsh) at equal densities with a single aspen genotype at 1-m · 1-m spacing.
Sampling
Sampling involved the collection of three distinct ecosystem components: surface mineral soil for the determination of both total C and new C, and fine roots and leaf litter to use as components of the 13 C model to determine new C. Soil samples were collected in 1997 , 1999 and annually from 2003 . In 1999 , five soil cores (4.8 cm diameter) were collected from each community within each FACE ring (15 cores per ring). In 2007, three cores were collected from each community in each ring. After collection, the cores were composited by the community. All of the soil samples were removed from the Ap horizon.
In 1997, the soil was sampled to a depth of 30 cm; in all other years, sampling was to a depth of 20 cm. Sampling in 1997 pre-dated the soil disking and the planting of the three community types, so there is no differentiation by community type in the data presented for that year. As a result of these differences and the difference in sampling depth, we do not directly compare soil C content and concentrations in 1997 with samples collected after the initiation of the experiment. However, we did use the 1997 data as starting points in the 13 C mixing model. From 2003 to 2008, the soil samples were sieved and hand-sorted to remove roots and coarse fragments (organic material, rocks). Roots were subsequently sorted by size class and herbaceous and dead roots were removed. The soil was then placed in a 65°C oven for at least 48 h, and later ground for analysis. The sorted roots were rinsed and placed in a 65°C oven for at least 48 h. The root samples were then ground for analysis. Processing in 1999 and 2001 differed from sampling in the other years. In 1999, the roots were extracted from the soil by elutriation of the entire sample (see King et al. 2001 (Liu et al. 2005) . Leaf litter was collected every two weeks during the period of active leaf senescence (late August through early November), and approximately monthly during the rest of the growing season. After collection, the leaf litter samples were sorted by species. These samples were then ground and used to create a biomass-weighted composite annual sample for analysis.
Stable isotope analysis for the soil, roots and leaf litter was conducted using a Costech (Valencia, CA, USA) Elemental Combustion System 4010 connected to a Thermo (Waltham, MA, USA) Finnigan ConfloIII Interface and Delta plus Continuous Flow-Stable Isotope Ratio Mass Spectrometer located at the Michigan Technological University Forest Ecology Analytical Laboratory. Samples were measured against a CO 2 reference gas calibrated with IAEA (International Atomic Energy Agency, Vienna, Austria) reference materials. The SD of the measurements of a laboratory standard was 0.1& for d 13 C.
Calculation of new soil C
To examine the input of recently fixed C into the soil under elevated CO 2 , we used methods similar to those in earlier reports on soil C formation and soil respiration at Rhinelander FACE (Loya et al. 2003; Pregitzer et al. 2006) . Briefly, we used the depletion in d 13 C caused by the use of fossil-fuel-derived CO 2 for fumigation as a tracer in the treatment combinations receiving elevated CO 2 (+CO 2 and +CO 2 +O 3 ). The proportional contribution ( f ) of soil C derived from C fixed during the fumigation was calculated with the following equation:
where d t is the current d 13 C value for soil C, d o is the d 13 C value for soil C at the start of the experiment and d i is the d 13 C value for C inputs from roots and leaves. d i values were calculated by averaging root and leaf d
13 C values from growing seasons prior to the calculation year. Like the earlier reports from Rhinelander FACE (Loya et al. 2003; Pregitzer et al. 2006) , we assumed equivalent inputs from fine roots (< 1 mm in diameter) and leaf litter to calculate d i . Unlike those reports, we did not assume equal leaf litter inputs from both species in the mixed species communities. Over time, competition has shifted the proportional contribution of each species to the total aboveground biomass (Kubiske et al. 2007 ). Instead, we adjusted the overall d 13 C value of the leaf litter for each community according to the proportion of each species found in the leaf litter traps for that community in that year. Root biomass within a community is not differentiated by species. Roots and leaf litter were not sampled during every growing season. 
Statistical analysis
The statistical model was a randomized complete block with a split-plot design; the analyses were conducted using the SAS statistical package (version 9.1.3; SAS Institute, Cary, NC, USA). The block was a fixed effect because of a known gradient in aspen productivity across the site. These analyses used type III sums of squares within PROC GLM (general linear model) with post-hoc LSMEANS (least squared means) TukeyÕs adjusted for multiple comparisons. Statistical analyses of fumigation effects closely followed those detailed in King et al. (2001) for this experiment, including specification of correct error terms for F-tests using test statements within SAS. In addition, we tested trends through time with logarithmic, exponential and linear regression models; the best fit among these models is reported. We used a = 0.05 to determine statistical significance. Given the difficulty of observing changes to soil bulk C pools (Hungate et al. 1996a) , results of 0.05 £ P < 0.1 were considered to be of marginal significance (Jastrow et al. 2005) .
R E S U L T S
Prior to the initiation of our experiment, bulk density was greater under elevated CO 2 and elevated O 3 (Table 1) . Post-hoc tests found that the +CO 2 +O 3 treatment had a greater bulk density than the ambient (P = 0.033) and +O 3 treatments (P = 0.093). In subsequent years, there were no significant fumigation effects on bulk density. Bulk density differed between individual years (Tables 2 and S1 ), but there were no significant trends over time in bulk density between 2004 and 2007 (R 2 < 0.1, P > 0.5). Before the start of fumigation, there were no significant differences in soil C concentrations (Table 1) . Subsequently, overall concentrations increased linearly from 13.4 mg g
)1 (SE: ±0.8) in 2001 to 16.0 mg g
)1 (±0.6) in 2008 (R 2 = 0.751, P = 0.012). Likewise, soil C content did not significantly differ among treatments prior to fumigation (Table 1) , and overall increased linearly from 33.5 Mg ha )1 (±2.3) in 2001 to 40.1 Mg ha )1 (±1.6) in 2008 (R 2 = 0.707, P = 0.017; Table S1 ).
After 11 years of fumigation, the effects on soil C content were negative for +CO 2 ()2.2 Mg ha )1 ) and +CO 2 +O 3 ()6.1 Mg ha )1 ) relative to ambient, but positive for +O 3 (+1.4 Mg ha )1 ); these effects varied by community. For instance, the overall CO 2 effect (+CO 2 and +CO 2 +O 3 pooled vs. ambient and +O 3 pooled) on soil C content in 2008 was large and negative in the aspen-only community ()17.4 Mg ha )1 ), but small and positive in the aspenmaple (+1.7 Mg ha )1 ) and aspen-birch (+1.0 Mg ha )1 ) communities. Similarly, the overall O 3 effect was negative in the aspen-only ()2.3 Mg ha )1 ) and the aspenmaple ()4.0 Mg ha )1 ) communities, but positive in the aspen-birch community (+2.6 Mg ha )1 ). Consequently, there were no significant main effects of the fumigation treatments on soil C content (P > 0.35; Table 2 ). However, there were marginally significant interactive effects on soil C content (community · CO 2 , community · CO 2 · time, P < 0.1; Table 2 ). Post-hoc tests revealed that the effect of CO 2 on soil C content was most significant in the aspen-only community (P = 0.077), particularly in 2008 (P = 0.003; Fig. 1 ). When the aspen-only community data were analysed separately to explore the effects in this community, both CO 2 and CO 2 · time significantly affected soil C content (P = 0.042 and 0.046, respectively). This CO 2 effect was not a loss of soil C per se, but a lack of accrual over the last several measurements. The significant interaction between CO 2 and time occurred because there was a linear increase in soil C content from 2001 to 2008 in the aspen-only community under ambient CO 2 (R 2 = 0.784, P = 0.005), but no clear trend of accumulation over time under elevated CO 2 (R 2 = 0.026, P = 0.732; Fig. 1 ).
Surface mineral soil d
13
C values prior to fumigation were not significantly different between the +CO 2 and +CO 2 +O 3 treatments (Table 1 ). The per cent of new C (Fig. 2) and the pool of new C formed in the treatments fumigated with elevated CO 2 (+CO 2 , +CO 2 +O 3 ) grew exponentially between 2001 and 2008 (R 2 > 0.97, P < 0.001 overall). Over the course of the experiment, the average annual increases in the new C content for the +CO 2 and +CO 2 +O 3 treatments were 1.45 Mg ha The annual proportion of new surface mineral soil carbon (C; fixed since 1998; 0-20 cm) for the three community types in the plots fumigated with elevated carbon dioxide (CO 2 ) and either ambient (+CO 2 ) or elevated O 3 (+CO 2 +O 3 ). Error bars are ±1 SE. Ozone effects were not statistically significant. and 1.27 Mg ha )1 per year (±0.09), respectively. These values are approximately 3% of the overall C pool.
The proportion of new C added to the soil over the course of the study differed by community (Table 2 and Fig. 3 ), wherein the per cent of new C in the soil was significantly lower in the aspen-maple community than in the aspen-only community (P = 0.021). New soil C content (Mg ha )1 ) did not differ among communities or treatments (Tables 2 and S2 ). However, old soil C content did differ among communities (Table 2 and Fig. 3) ; the aspen-only community had less old C over the course of the study than either the aspen-maple (P = 0.028) or aspen-birch community (P = 0.074). These community differences were not initially present (2001) ; +CO 2 +O 3 , 3.1 ± 0.5 Mg ha )1 ), although these differences were not significant (P = 0.798 and 0.704, respectively; Fig. 2 and Table S2 ). In subsequent years, the amount of new soil C in the +CO 2 and +CO 2 +O 3 treatments converged. Averaged over the last four years of the study, +CO 2 +O 3 reduced the proportion of new C by only 8% (+CO 2 , 25.2 ± 2.4%; +CO 2 +O 3 , 22.2 ± 1.4%) and new C content over this period by only 14% (+CO 2 , 9.7 ± 0.5 Mg ha )1 ; +CO 2 +O 3 , 8.3 ± 0.6 Mg ha )1 ). Overall, there was no significant effect of O 3 on the percentage of new C formed under elevated CO 2 . Furthermore, there were no significant interactions among O 3 , community and time ( Table 2 ). The amount of old soil C present was also not significantly affected by O 3 or the interactions of O 3 with community and ⁄ or time (Table 2) .
D I S C U S S I O N Elevated CO 2 effects on soil C content
Meta-analyses of elevated CO 2 experiments (Jastrow et al. 2005; Luo et al. 2006) and results from other forest FACE studies have shown that elevated CO 2 tends to increase the rate of soil C storage (Jastrow et al. 2005; Hoosbeek et al. 2006) , although not always significantly (Lichter et al. 2005) . We predicted that elevated CO 2 (+CO 2 , +CO 2 +O 3 ) would raise surface mineral soil C content, but there was not a significant increase in soil C content in any of the three forest communities and the overall CO 2 effect on soil C content was slightly negative. Our results are interesting in the context of our overall experiment, where elevated CO 2 has caused clear increases in litter inputs to the soil. For instance, although CO 2 had a large negative effect on soil C content in the aspen-only community (Fig. 1) , this community exhibited a CO 2 stimulation of 25% for leaf litter mass (Pregitzer & Talhelm, unpublished data) and 40% for fine root mass in 2005 (Pregitzer et al. 2008) . This implies that the decomposition of organic matter has accelerated under elevated CO 2 . This response is consistent with the greater rates of soil nitrogen cycling that we have previously observed (Holmes et al. 2006) , as well as with the higher activity of extracellular enzymes mediating cellulose and chitin degradation (Larson et al. 2002) .
It has been proposed that elevated CO 2 will change litter chemistry and alter decomposition (Norby et al. 2001) . Decomposition studies at Rhinelander FACE found that litter decay rates over 2 years decreased (Parsons et al. 2008) or did not change (Chapman et al. 2005) under elevated CO 2 , but extrapolations to determine longer-term effects Figure 3 The (a) proportion of new surface mineral soil carbon (C; fixed since 1998; 0-20 cm) and (b) the pool of old soil C in the plots fumigated with elevated carbon dioxide (+CO 2 and +CO 2 +O 3 ) for each of the three community types averaged through time (2001) (2002) (2003) (2004) (2005) (2006) (2007) (2008) and across treatments (+CO 2 and +CO 2 +O 3 ). Different letters denote significant differences among the communities (P < 0.05).
were inconclusive (Parsons et al. 2008) . Similarly, a metaanalysis found no significant effect of elevated CO 2 on decomposition, but cautioned that long-term effects needed further examination (Norby et al. 2001) . Together, these results suggest that changes in the initial stages of litter decomposition are not a likely cause of the lack of soil C accumulation in our study.
Several studies have revealed that increases in C inputs to the soil, particularly greater root growth, can enhance the decomposition of existing soil organic matter (Fontaine et al. 2004; Hoosbeek et al. 2004; Trueman & Gonzalez-Meler 2005; Carney et al. 2007; Dijkstra & Cheng 2007) . The results of these studies may be due to a ÔprimingÕ effect, the stimulation of microbial activity and decomposition in response to new inputs of organic matter (Fontaine et al. 2004) . Recent modelling results suggest that a greater loss of old soil C under elevated CO 2 may negate gains in new C (Niklaus & Falloon 2006) . Consistent with this idea, two forest experiments have observed lower total soil C under elevated CO 2 that resulted from greater losses of older soil C (Hoosbeek et al. 2004; Langley et al. 2009 ). Although the largest loss of old soil C under elevated CO 2 (+CO 2 and +CO 2 +O 3 ) in our experiment occurred in the aspen-only community (Fig. 3) , we cannot conclude that the loss of old C caused the significant CO 2 effect because we do not know the fate of old C under ambient CO 2 .
Effects of O 3 on soil C formation
The initial (2001) assessment of soil C formation under elevated CO 2 revealed that elevated O 3 reduced new C content in the aspen-only and aspen-birch communities (Loya et al. 2003) . It is now clear that this was a transient effect (Fig. 2) . The most recent estimates of NPP found that the phyto-toxic effects of O 3 on NPP were apparent under both ambient and elevated CO 2 , so it was surprising that concurrent fumigation with O 3 has not reduced the proportion of recently fixed C in the soil under elevated CO 2 or had a meaningful effect on the overall surface mineral soil C pool.
The early results of reduced soil C formation matched observations on allocation to fine roots (< 1 mm in diameter), which were initially suppressed by fumigation with O 3 (King et al. 2001) . However, since that time, the effect of O 3 on fine root biomass has reversed, wherein fine root biomass is now greatest in the +CO 2 +O 3 treatment (Pregitzer et al. 2008) . This fine root response is likely why the earlier gap in new soil C between the +CO 2 +O 3 and +CO 2 treatments narrowed in the later years. Over the course of the experiment, dominance by more O 3 -tolerant plant genotypes and species has increased under elevated O 3 (Zak et al. 2007) . This change towards a less O 3 -responsive plant community and an increase in the proportional allocation of C to roots under elevated O 3 (Pregitzer et al. 2008) are responsible likely for the increased root biomass under elevated O 3 .
Soil C turnover
Our mixing model for determining new soil C assumed a 50 ⁄ 50 mix of roots and leaves as inputs, an assumption which may not be accurate . However, the average difference between leaves and roots in d
13
C was small (< 0.5&). Consequently, altering the mixing model to 75% roots ⁄ 25% leaves or 25% roots ⁄ 75% leaves only changed the proportion of new C in 2008 from 30.2% to 30.3% or 30.0%. Furthermore, these changes in the mixing model had no meaningful statistical consequences (Table S3 ).
The trends in accrual of new C from 2001 and 2008 suggest that the pool of new C has not yet reached equilibrium (Fig. 2 ). Most models of soil C cycling include pools of C with both long and short turnover times, with pools that turnover quickly containing large portions of the total soil C (Trumbore 2000; Jenkinson & Coleman 2008) . This explains the apparent contrast between our study, in which roughly one-third of the soil C pool is new C after 11 years, and the many studies using 14 C that estimate the average age of soil C to range from 200 to 1300 years (Trumbore 2000) . The results from Rhinelander FACE also contrast with a pasture FACE study where the amount of new C began to plateau at $25% of the soil C pool during the middle of the 10 years of CO 2 fumigation (van Kessel et al. 2006) . The pasture FACE study examined the surface 10 cm of soil, whereas our study encompassed a greater depth (20 cm); earlier work from the pasture FACE experiment found new soil C accruing more slowly at 10-25 cm (van Kessel et al. 2000) and the differences in sampling depth may explain why the accrual of new C at Rhinelander FACE has been relatively slower to plateau.
The Rhinelander FACE study is similar to other elevated CO 2 studies in the size of the recent C flux into the soil C pool. Most elevated CO 2 studies fumigated with 13 C depleted CO 2 have found that annual inputs of new C are 2-5% of the overall soil C pool (Leavitt et al. 1994 (Leavitt et al. , 2001 Hagedorn et al. 2001; Lichter et al. 2005; Xie et al. 2005; van Kessel et al. 2006) . Comparatively, the mass-based flux of new C into the total soil pool appears to be more variable, ranging from less than 0.5 Mg ha )1 per year (Leavitt et al. 2001 ) to more than 6 Mg ha )1 per year (van Kessel et al. 2000) . However, a number of studies have documented rates that are similar to our study, c. 1.0-1.5 Mg C ha )1 per year (Hagedorn et al. 2001; Lichter et al. 2005; Xie et al. 2005; van Kessel et al. 2006) . This is similar to the range of average annual inputs to the soil in several ecosystems based on bomb 14 C methodology (0.8-1.4 Mg C ha )1 per year; Trumbore 2000).
Plant community effects
In this study, soil C cycling has differed among communities, with a lower proportion of new soil C in the aspenmaple community (Fig. 3) , and a steady decrease in old soil C over time and a negative CO 2 effect on total C found solely in the aspen-only community (Fig. 1) . The presence of community differences might be expected because species-specific effects on soil properties are commonly observed (Binkley & Giardina 1998) and because specieslevel controls on the cycling of soil organic matter under elevated CO 2 have been noted in the past (Hungate et al. 1996b; Dijkstra et al. 2004) . Some species effects on soil properties are driven by differences in litter production (Binkley & Giardina 1998) . The amounts of new and old C in the aspen-only and aspen-maple communities (Fig. 3) are congruent with this idea because these communities have the highest and lowest NPP and fine root biomass (Pregitzer et al. 2008) under elevated CO 2 . At least under elevated CO 2 , NPP appears to be a key factor in creating the community-level differences in soil C cycling. However, the aspen-only and aspen-birch communities differ by only a few per cent in both NPP and leaf litter production under elevated CO 2 Pregitzer & Talhelm, unpublished data) , but these communities have shown very different responses to CO 2 in terms of soil C content (Fig. 1) . These results suggest that factors other than NPP have created the observed differences in soil C content under elevated CO 2 .
Tissue chemistry responses to elevated CO 2 that vary among communities may also be responsible for the observed differences in community responses. For instance, elevated CO 2 has increased the concentration of condensed tannins in the aspen-birch community but decreased the concentration of condensed tannins in the aspen-only community (Liu et al. 2005) . Condensed tannins are relatively recalcitrant compounds, which can slow down the microbial transformations of nitrogen (Maie et al. 2003) and tannin concentrations could be influencing decomposition. However, it is beyond the scope of our study to determine whether such a change influences soil C pools. Rather, our point is that species and genotypes respond to global change agents such as elevated CO 2 in individualistic ways (Bradley & Pregitzer 2007) . The results from our study demonstrate how these species-specific responses make it challenging to predict the extent to which elevated CO 2 and O 3 will influence the biogeochemical cycling of C. Other than time, the interaction between community type and CO 2 was the most significant factor driving change in soil C at Rhinelander FACE (Fig. 1) .
Implications
The Rhinelander FACE experiment has generated several unexpected results: lower soil C under elevated CO 2 in the aspen-only community and the transient effect of +CO 2 +O 3 on soil C formation, soil respiration and fine root biomass (Pregitzer et al. 2008) . That each of these unexpected responses developed only after years of fumigation demonstrates the necessity of long-term experiments for the understanding of global change ecology. Across the study, community differences controlled the accrual of total C, inputs of new C and the loss of old C over time. These community-specific responses mean that care must be taken in selecting species for forestry-based C sequestration programmes. Overall, our results do not match most conceptualizations of how soil organic matter dynamics will be altered by changing concentrations of CO 2 (McMurtrie et al. 2000; Luo et al. 2006) and O 3 (Ren et al. 2007; Sitch et al. 2007) . Particularly for O 3 , the effects on soil C appear to have been overstated. The composition of the dominant plant community, competitive interactions and positive feedbacks on microbial communities appear to play the most important role in controlling the pool of surface mineral soil C through time.
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